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equilibria, that are determined by environmental conditions. These stable equilibria set
biodiversity limits, i.e. carrying capacities for biodiversity, from local to global scales.
We point out the evidence of such limits at various spatiotemporal scales and show,
using the new equilibrium theory of biodiversity dynamics (ETBD), how dynamics of
diversity depend on non-linear relationships between number of species, community
abundance and population size-dependent processes of species extinction and origina-
tion (speciation or colonization). We show that non-linear effects of biodiversity on
ecosystem functioning can lead to multiple biodiversity equilibria and tipping points.
Various human activities, including species introductions, human appropriation of
primary production and trophic downgrading, can change local, regional and global
diversity equilibria by affecting processes that set equilibrium diversity levels. The
existence of equilibrium and out-of-equilibrium states has important implications for
conservation, restoration and reconciliation ecology. It highlights the need to more
effectively and intentionally balance the historical focus on the preservation of natu-
ral habitats with management specifically directed towards the processes responsible
for long-term maintenance of biodiversity equilibria. The Anthropocene represents
a unique situation in which people make decisions concerning the dynamics of the
natural world, and we argue that ecological restoration requires wisely deciding which
of the alternative equilibria are worth maintaining.
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Introduction

The contemporary pressure of human civilization on nature
and planetary dynamics is higher than any time in the past,
reaching the extent comparable to the effect of major geologi-
cal forces (Zalasiewicz et al. 2011). It has thus become gener-
ally accepted that we live in a new geological era called the
Anthropocene. Regardless of the exact dating of the beginning
of the Anthropocene (Lewis and Maslin 2015) and its exact
delimitation, it is clear that the current situation is unique,
comprising, among many other things, unprecedented reor-
ganization of biota on Earth, including reshuffling of the
spatial distribution of individual species and changes in biodi-
versity. One of the most pressing issues facing ecosystems and
the whole Earth system is without doubt augmented species
extinctions due to factors such as direct human exploitation,
habitat transformation, spreading of invasive species and pol-
lution. Traditional nature conservation based on attempts to
limit human activities as much as possible thus seemed as a
straightforward solution to this global biodiversity crisis.

The situation, however, is not that simple. In contrast to
early environmental concerns of the second half of the 20th
century, the ascertainment that we live in the Anthropocene
involves also the appreciation of the tight interlinkage
between natural and human processes that have been modu-
lating ecosystems for millennia (Ellis 2015, Cockerill et al.
2017). Nature as we know it is a result of intertwined human—
natural dynamics, which have affected not only regions
characterized by the long persistence of civilizations like the
Middle East or Europe, but also ecosystems long thoughts of
as ‘true’ wilderness, such as Amazonia (Clement et al. 2015,
Levis et al. 2017). Additionally, the effect of human activities
on biological diversity has not been necessarily only negative,
at least at local-to-regional scales. In Europe at the beginning
of the Neolithic, for instance, extensive agriculture helped to
maintain diverse habitat mosaics that had previously been
sustained by fire and large herbivores, which were extirpated
at the end of the Pleistocene (Vera 2000, Bocherens 2018).
Human activities are thus now increasingly recognized as not
necessarily harmful to biological diversity, implying that bio-
diversity protection needs more refined tools than just restric-
tions on human influences (Brechin et al. 2002, Kueffer and
Kaiser-Bunbury 2014, Gillson 2015).

Even very recent changes of ecosystems do not necessar-
ily result in biodiversity loss. Local and regional extinctions
are often balanced by unprecedented spreading of non-
native species, so that throughout much of the world local
or regional diversity reveals increases as often as decreases
(Dornelas et al. 2014). Moreover, species are facing new con-
texts and many are rapidly adapting to novel habitats, which
is complemented with a wave of hybridization events lead-
ing to accelerated evolution including the emergence of new
species (Abbott 1992). Thomas (2017) estimated that should
the negative effects of humans disappear, these rapid human-
mediated evolutionary changes would double species richness
on Earth compared to an Earth absent of humans. On the
other hand, although the current magnitude of extinction (in

terms of the proportion of extinct species) is still orders of
magnitude lower than mass extinction events recognized in
the fossil record, the current rate of extinction is considerably
higher (Barnosky et al. 2011). All these findings suggest that
understanding and predicting future biodiversity changes
require not only consideration of what has happened so far,
but also understanding of the general determinants of diver-
sity dynamics.

Here we argue that developing reliable scenarios of future
biodiversity changes requires a proper theoretical framework,
which could then provide baselines for effective biodiversity
management. Such a framework must be based on robust
determinants of biodiversity dynamics, which result from
complex links between species diversity, total community
abundance and population size-dependent processes of spe-
cies origination (speciation plus colonization) and extinction.
We will show that the dynamics of biodiversity is essentially
equilibrial, meaning that it tends towards particular attrac-
tors determined by properties of the environment (Box 1 for
an overview of concepts of attractors, equilibria and carry-
ing capacity). Although this does not mean that biodiversity
is always, or even most of the time, in equilibrium, it has
straightforward implications for preserving biological diver-
sity. If biological diversity is fundamentally determined by
the properties of diversity equilibria and the conditions for
their existence, then the struggle for biodiversity preservation
should focus on nurturing the conditions supporting suffi-
ciently species-rich equilibria. Drawing on the recently pro-
posed equilibrium theory of biodiversity dynamics (ETBD,
Storch et al. 2018, Storch and Okie 2019), we will examine
consequences of this — perhaps seemingly outdated — equi-
librial view on biodiversity dynamics, show how biodiversity
equilibria can change due to various anthropogenic effects,
and provide guidance for biodiversity maintenance based on
this theoretical framework.

The existence of equilibria in diversity dynamics

Here, for simplicity, we will consider ‘biodiversity’ and ‘diver-
sity’ as synonyms to ‘species richness’ — the number of species
within an ecological system. Biodiversity has a quite broad
meaning (Wilson 1992) and can be expressed using many
measures (Magurran and McGill 2011, Jarzyna and Jetz
2016). For our purposes, however, species richness provides
the most convenient measure of biodiversity. First, it is typi-
cally well correlated with other aspects of biodiversity unless
these aspects are specifically designed to control for variation
in species richness (Miller et al. 2017, Li et al. 2020). Second,
species richness is most frequently used as a biodiversity mea-
sure. Third, there is good evidence of general behaviour of this
variable (Rosenzweig 1995). Finally, there are relatively well
developed theoretical tools for formalizing the dynamics of
species richness (MacArthur and Wilson 1967, Rosenzweig
1975, Hubbell 2001, Storch et al. 2018).

There has been a longstanding debate as to whether
biodiversity dynamics is unbounded or if there are some
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Box 1. Fundamental concepts of diversity dynamics: attractors, equilibria, carrying capacity

Much of the controversy around diversity dynamics, such as whether it is bounded or unbounded and equilibrial or
disequilibrial, stems from a misunderstanding of the general concepts and theoretical framing of dynamics. A general
theoretical framework represents dynamics as movement in an abstract state space (or phase space) representing a set of
all possible states of a system. Every state has a potential to move to another state. If such movement is not entirely ran-
dom, the dynamics ends up in a subset of state space called the attractor. Attractors (red rectangle in the figure) compris-
ing just one state in which small movements away from the state lead back to the same state are called point attractors.
Alternatively, there may be more complex attractors, including strange attractors characteristic of chaotic dynamics in
which the exact sequence of states is sensitive to initial conditions, and cyclic attractors leading to sustainable cycles (such
as in predator—prey systems or in successional community dynamics).

Equilibria (blue rectangle in the figure) are those points in the state space where individual processes responsible for the
movement in state space balance each other, so that the system tends to maintain its state unless it is perturbed by exter-
nal forces. Examples include natality and mortality in the case of population dynamics, and origination and extinction
in the case of diversity dynamics. Unstable equilibria do not have a tendency to return back to the equilibrium following
a perturbation, in contrast to stable equilibria where the system has the tendency to return to the equilibrium state after
being moved away. Stable equilibria are thus equivalent to point attractors of the system, so here the two concepts overlap.
EQUILIBRIA Carrying capacity is a concept that is sometimes vaguely defined,

Q but within the classical theory of population dynamics it is a single
stable equilibrium, i.e. the population size where each deviation
from it leads to dynamics approaching this population size again.
Carrying capacity is thus a point attractor of dynamical system.
The concept can also be applied to the carrying capacity for spe-
cies richness (Storch and Okie 2019). In population dynamics, it is
typically assumed that there is just one such stable equilibrium and

UNSTABLE

CARRYING

e CAPACITY so this stable equilibrium is the carrying capacity. However, since
O IPOINT more complex dynamics can potentially have multiple stable equi-
= oo (e . . .

O libria (Fig. 4, 5), for clarity the carrying capacity concept should
= ly be used to refer to the special case in which there is onl
 |OTHER only be used to refer to the special case in which there is only one
E (CYCLIC, CHAOTIC) stable equilibrium or as the stable equilibrium having the highest

value of the variable of interest (i.e. as a subset of stable equilibria;
grey square in the figure).

Importantly, all the above concepts comprise the dynamics of
state variables, so that they make sense only if these variables are
well defined. State space can be one-dimensional, being repre-
sented by a variable like population size or the number of species,

or multidimensional, so that states are characterized by combinations of values of several variables (e.g. abundances of
both predator and prey). It does not make sense to speak about the general stability of; say, a community, unless the com-
munity is characterized by a set of variables. Some variables may be in stable equilibria even though some other properties
change — a good example is the theory of island biogeography, in which an island’s number of species hovers around stable
equilibria even though species composition changes through time. Some ecologists denied equilibrium dynamics in nature
simply based on the observation that nature is permanently changing. But this continuous change does not preclude the
existence of equilibria for particular state variables, including species richness.

Note also that whether a natural system is or is not in an equilibrium is a matter of scale and perspective — while a
single disturbance pushes a system away from an equilibrium, repeated disturbances integrated over a long period can be
accounted for as a variable with a specific rate that influences the equilibrium level. Equilibrium is a theoretical, ideal-
ized concept that depends on the exact definition of state space as well as respective processes, so it is meaningless to ask
whether nature by itself is equilibrial or not.

diversity limits that determine regional or local diversity
patterns (Cornell 2013, Harmon and Harrison 2015,
Rabosky and Hurlbert 2015). Over the last decade, evi-
dence has accumulated that there are ecological limits
to species richness and diversification, and that equilib-
rial diversity dynamics represent a useful framework for

interpreting diversity patterns (Rabosky and Hurlbert
2015). We have reviewed this evidence -elsewhere
(Storch and Okie 2019), so here we summarize only the
major and most convincing lines of evidence, stressing
recent findings, ordered from large to small spatial and
temporal scales:



1) Paleontological time series. Although classical analyses
of biodiversity changes during the Phanerozoic indi-
cated a continuous increase of diversity at least since the
mass extinction at the Cretaceous—Paleogene boundary
(Benton and Emerson 2007), scholars have subsequently
argued that these findings may reflect the ‘pull of the
recent and unequal sampling of different geological peri-
ods (Alroy et al. 2008, Alroy 2010). Sophisticated analyses
accounting for these biases have demonstrated that taxo-
nomic diversity is remarkably stable during long periods
(Close et al. 2020a, b), although shifts in these equi-
libria do occur in times of major biota rearrangements
(Close et al. 2019).

2) Consistency of biodiversity patterns regardless of variable
diversification histories. Large-scale diversity patterns are
universally linked to primary productivity and climate,
namely temperature and rainfall (Field et al. 2009), and
these patterns do not seem to be directly linked to histori-
cal processes of diversification (Belmaker and Jetz 2015,
Oliveira et al. 2016). Recent evidence shows that regions
with high diversity (namely those at low latitudes and
elevations) are typically not those revealing high diversifi-
cation rates (Rabosky et al. 2018, Harvey et al. 2020, Igea
and Tanentzap 2020, Machac 2020), and that evolution-
ary histories of regions hosting similar diversity levels are
very different.

3) Community patterns. These often reveal remarkable sta-
bility of species richness regardless of species turnover
(Brown et al. 2001, Gotelli et al. 2017). This finding
stimulated the development of the equilibrium theory
of island biogeography (MacArthur and Wilson 1967),
and recent models and analyses of community assembly
confirm the existence of diversity equilibria on islands
(Valente et al. 2017a, 2020).

This support for the existence of biodiversity equilibria
does not imply that nature is mostly in equilibrium or that
these equilibria do not change — on the contrary, species rich-
ness may fluctuate relatively widely around equilibria and
equilibrium diversity levels themselves are expected to change
depending on both abiotic and biotic conditions (Storch and
Okie 2019). There are certainly cases in which biota has
been in disequilibrium for a long time. For example, boreal
or mountain biomes that significantly expanded since the
onset of colder global climate in the mid-Miocene seem to
still be below an equilibrium state (Lagomarsino et al. 2016,
Condamine et al. 2018, Ding et al. 2020), and many areas
impacted by dramatic climatic changes of the Pleistocene
glacial-interglacial cycles likely have not yet reached the
diversity equilibria expected under the warm and stable
Holocene climate (Svenning et al. 2008, Dullinger et al.
2012, Smy¢ka et al. 2017). However, even in such non-equi-
librial cases it is crucial to have a theoretical understanding of
biodiversity equilibria — after all, without such a theory there
would be no chance to recognize a disequilibrium. Moreover,
if the dynamics have stable equilibria, the long-term biodi-
versity preservation must firstly ensure that the conditions

of these equilibria are maintained. This requires explicit and
realistic theory on how these stable equilibria emerge.

Biodiversity equilibria as a result of species
originations and extinctions modulated by
resources

Current equilibrial theories of biodiversity dynamics differ
slightly in the ways and reasons for how stable diversity equi-
libria emerge. Within the theory of island biogeography, equi-
libria simply follow from the existence of a stable mainland
species pool from which species are sampled (MacArthur and
Wilson 1967). This scenario may be accurate also for many
local non-insular communities, but it is insufficient as a gen-
eral theory of biodiversity dynamics without addressing the
stability of the mainland species pool itself. More general the-
ories, such as those based on Neutral Theory (Hubbell 2001,
Allen etal. 2007, Worm and Tittensor 2018), predict a stable
equilibrium of species richness due to a constant total num-
ber of individuals (/) and consequent diversity dependence
of the dynamics — for a given number of individuals, more
species mean smaller populations which go quickly extinct
due to community drift. Although valuable, there are several
conceptual problems with this framework that limit its prac-
tical applicability (Storch and Okie 2019). First, it does not
address differences among species in terms of their access to
various resources. Second, it does not explicitly account for
various, potentially complex extinction drivers. Third, and
probably most importantly, these approaches assume that the
total number of individuals is a constant directly determined
by the environment. This is oversimplification, as the total
number of individuals is set by population dynamics of all
individual species and their complex interactions with the
environment (Storch et al. 2018).

To overcome these limitations, we recently proposed a
more general species-based equilibrium theory of biodiver-
sity dynamics (ETBD). ETBD also derives biodiversity equi-
libria from negative diversity-dependence (Fig. 1); however,
this dependence simply emerges due to decreasing availabil-
ity of resources for each species as species richness increases,
without necessitating the assumption of constant /. Instead
of assuming constant /, / is assumed to be a function of
both resource availability and the actual number of species §
(Fig. 2), based on the empirically and theoretically supported
idea that more species can collectively better utilize resources
and thus may utilize a higher proportion of available energy
(Cardinale et al. 2006, Mora et al. 2014, Liang et al. 2015,
O’Connor et al. 2017, Storch et al. 2018). ETBD then pre-
dicts that equilibrium species richness, as well as equilib-
rium J/, is determined by total amount and consumption of
resources, as well as the factors that drive population size-
dependent species origination and extinction (which deter-
mine the equilibrium mean species abundance at which
origination and extinction are balanced, i.e. the S-nullcline
in Fig. 2). The total amount and consumption of resources is
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Figure 1. Overview of how biodiversity equilibria emerge and are influenced by anthropogenic changes. Here we deal with large-scale
(regional) biodiversity in which biodiversity equilibrium is maintained by a balance of speciation and extinction with the contribution from
colonization being negligible (Fig. 3 for the effects of colonization on local-scale dynamics). (a) Rates of speciation (blue lines) and extinc-
tion (red lines) are population size-dependent. For simplicity and with minimal loss of generality, we assume this population size-depen-
dence can be approximated as power-laws, i.e. lines in log-log space. Additionally, we assume here that speciation rate is population
size-independent (i.e. the slope of the power-law is zero), as this simplifies the figure without altering the general insights; the only condition
of stable equilibrium is that the slope of the speciation function is higher than the slope of the extinction function and the lines intersect.
This condition is expected to be near-universal, due to extinction rate decreasing substantially with population size, unlike speciation rate.
Mean population size at equilibrium (corresponding to no net change of species richness) is determined by the intersection of the lines
(vertical black line). (b) This population size-dependence translates into diversity dependence, since mean population size N =.J /S , where
J is total community size (total number of individuals) and S is species richness. Increasing S at a given / thus implies lower N and conse-
quently increasing average per species extinction rate. A decrease in / (e.g. due to anthropogenic removal of resources, red arrow) decreases
equilibrium species richness by temporarily decreasing N and so increasing extinction rate until the new lower equilibrium is reached. (c)
Equilibrium richness can also change due to an increase in the probability or level (intercept) of extinction (red arrow), e.g. due to increased
populations fluctuations or direct population exploitation. Anthropogenic effects can also modify speciation rates, either towards lower
(Rosenzweig 2001, blue solid arrow) or higher levels (Thomas 2017, blue dotted arrow, dotted horizontal line). Note that increased overall
levels of extinction and/or decreased overall level of speciation increase the equilibrium N (dashed black arrow). (d) These changes are
reflected in the shift of equilibrium species richness. Anthropogenic changes in equilibrium richness are thus predicted to be associated with
changes of equilibrial mean population size when humans affect per species extinction and speciation levels, whereas no changes in equilib-
rial mean population size are expected if reductions in equilibrial richness are driven only by decreases in /. Note that / itself can be affected
by species richness, which can lead to more complex and non-linear equilibrial dynamics (Fig. 2).

driven primarily by primary productivity, but can be taxon-
dependent and linked to functional traits that determine the
ability to utilize resources. Origination is the sum of specia-
tion and colonization, the former being more important at
large spatial and temporal scales while the latter is especially
relevant for local communities. According to ETBD (and

in line with other theories of diversity dynamics), carrying
capacity for species richness is not given by any hard limits
in terms of the number of available niches — it is just a stable
equilibrium of biodiversity dynamics whose level is affected
by the processes of species origination and extinction, modu-
lated by environmental conditions and organismal traits.
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Figure 2. Graphical analysis of ETDB showing how diversity equilibria depend on the dynamics of both species richness (5) and total com-
munity abundance (/). Due to the population size-dependence of the rates of species origination and extinction, ETDB predicts that, for a
given species-abundance distribution (SAD), there exists an equilibrium mean species abundance, N, in which origination and extinction
rates are balanced (Fig. 1). All potential diversity quuilibria thus lie on an S-nullcline (dashed line) that delineates the values of S and J at
which dS/dz=0 and whose slope corresponds to N (i.e. J = NS ). However, the realized equilibrium state also depends on / being in
equilibrium, so equilibrium S and / must lie on the intersection (full circle) of the diagonal S-nullcline and a /-nullcline, which relates / to
S when d//dz=0 (solid line/curve). Out-of-equilibrium communities follow near-vertical paths towards their /-nullclines and then the
arrows along the /-nullcline towards stable equilibria (full circles). (a) In one extreme scenario, the /-nullcline is independent of S and so it
is just a horizontal line. (b) However, a more realistic scenario is that increasing species richness increases a community’s ability to utilize
resources, so that the /-nullcline increases with S until it reaches its thermodynamic limit /. In the extreme that species are entirely inde-
pendent of each other (strict niche complementarity), the /-nullcline increases linearly with S until it reaches its limit. However, as some
species share resources and compete, the /-nullcline generally exhibits little linearity and rather likely decelerates at higher § due to increas-
ing competition. (c) The /-nullcline may be even more complex, e.g. sigmoidal, which can lead to two equilibrium points, one stable (full
circle) and the other unstable (empty circle). Such a situation can emerge when facilitation dominates over some range in S, which acceler-
ates the /-nullcline. Here, at low S, several species need to support each other in their resource utilization in order for the /-nullcline to be
high enough for communities to obtain higher rates of origination than extinction. A loss of species below the unstable equilibrium leads

to inevitable extinction of further species which is not compensated by origination.

ETBD represents a general quantitative framework for
biodiversity dynamics, and it is in overall agreement with
observed diversity patterns (Storch et al. 2018). Due to its
assumption that / is itself affected by species richness (rather
than being an independent variable, directly reflecting envi-
ronment), the theory is in line with the following observa-
tions of biodiversity gradients involving variation in rates of
speciation or extinction: 1) / reveals less pronounced geo-
graphic patterns than species richness, and 2) species richness
typically increases disproportionately (superlinearly) with /
(Currie et al. 2004). Also, since biodiversity equilibria are,
according to the ETBD, driven by all the factors affecting
origination and extinction rates, it predicts lower equilibrial
diversity in less stable (more extinction-prone) environments
(Fig. 1), which also agrees with observations (Toszogyova and
Storch 2019). ETBD can thus be taken as a general frame-
work for evaluating how various biotic and abiotic factors
shape long-term species richness patterns and biodiversity
dynamics in general (Box 2 comprising its application on
current extinction dynamics), including the potential effects
of human activities.

How can people affect biodiversity equilibria

Human activities can push biodiversity out of equilibrium,
but such an effect would by definition be only temporary,
even if the return time is long. More serious are those effects
that change the equilibrium level itself, as they elicit long-term

consequences. There are several ways by which anthropogenic
changes modulate biodiversity equilibria, which can be cat-
egorized according to parameters of ETBD that are affected
by the human activities (see Fig. 4 and Table 1 for specific
examples). Some of these effects are relatively straightfor-
ward and simply follow from the general principle that the
equilibria are determined by the diversity-dependence of
origination and extinction rates (which are linked to popula-
tion size-dependence, Fig. 1) modulated by resource abun-
dance, which affects population sizes. Other effects may be
more complex due to non-trivial and multidirectional links
between resource availability, resource utilization, species
richness and community abundance.

Effects on diversity equilibria due to changing
resource levels or extinction and speciation rates

A straightforward way that people can affect biodiversity
equilibria is through affecting overall resource levels (Fig. 1).
In some regions human-driven changes have increased the
ecosystem productivity via nutrient pollution and other
effects (Piao et al. 2020). This may lead to local diver-
sity increases (e.g. in cities where surplus of resources may
maintain relatively rich communities) or decreases, due to
altered dominance structures in communities (e.g. in fresh-
water ecosystems). However, at the scale of biomes and the
globe, humans are generally reducing the total amount of
resources available to biota via habitat degradation, habitat
loss and resource exploitation, as indicated by the human
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Box 2. Equilibrium diversity dynamics and global extinction rates

In our framework, diversity limits (i.e. stable equilibria) are governed primarily by diversity-dependent extinction.
Equilibrium framework may thus serve as a useful concept for exploring various phenomena related to species extinction
that are typically hard to directly infer from data due to observation biases and other methodological artifacts (Kidwell 2001,
Rabosky 2010, Louca and Pennel 2020). One example is estimating background extinction rates. These are important for
evaluating the severity of human-driven extinctions compared to what is expected to occur naturally (Ceballos et al. 2015).
The estimation of background extinction rates typically relies either on fossil data (Alroy 2008, Barnosky et al. 2011) or on
molecular phylogenies (De Vos et al. 2015). Both these approaches have been problematic. Background extinction rates
estimated from fossil evidence are only available for abundant and widespread taxa with good fossil record (Ceballos et al.
2015), thereby strongly biasing estimates towards taxa with lower extinction probability. Molecular phylogenies are avail-
able for a much broader scope of taxa, but the estimates of extinction rates rely on several a priori assumptions, which often
have a weak theoretical basis (Rabosky 2010, Louca and Pennel 2020). The equilibrium theory of biodiversity dynamics
provides a simple but theoretically well-backed assumption about the link between speciation and extinction processes
that can be used for retrieving extinction rates from molecular phylogenies: whenever the focal species assemblage is in
equilibrium, the extinction rate should be equal to the speciation rate. Even if the equilibrium changes, the longer time-
averaged (‘background’) rate of extinction should not differ wildly from the time-averaged rate of speciation. Speciation
rate can be identified from molecular phylogenies using diversification likelihood models accounting for such a balance
(Motlon et al. 2010). Similarly, measures of tip diversification rates, which represent instantaneous speciation rates, can
likely be used for estimating background extinction (Title and Rabosky 2019), although the robustness of this latter
approach needs to be determined.

To provide an example, for mammals and birds, two groups for which complete phylogenies (Jetz et al. 2012,
Hedges et al. 2015) are available, we compared the above described phylogenetic equilibrium estimates with previously
used fossil-informed estimates. Using the coalescent diversification model (Mortlon et al. 2010; Model 1), the background
extinction estimates are 0.39 E/MSY for mammals and 0.25 E/MSY for birds, respectively. These phylogenetic equilib-
rium estimates are thus slightly lower than the fossil-informed estimates of 1-2 E/MSY (Pimm et al. 2006, Ceballos et al.
2015). However, since these fossil-informed estimates are considered upper estimates rather than means, estimates based
on phylogenetic equilibrium are in accord with the conclusion that current extinction rates are about two orders of mag-
nitude higher than background extinction rates (Ceballos et al. 2015). Importantly, the proposed approach also allows
studying background and anthropogenic extinction rates in taxa in which fossil record is scarce.

The equilibrium framework is also useful for interpreting current rates of extinction and their consequences. Although
it is clear that current extinction rates in many taxa are exceptional (Barnosky et al. 2011), it is not obvious whether
this extreme pace is likely to continue in the future. Human-driven extinctions may happen due to two fundamentally
different mechanisms. One possibility is that anthropogenic pressures directly increase extinction rates, e.g. via direct
population exploitation (Valente et al. 2017b, Morton et al. 2021). In this case, we can expect that the extinction rates
detected during the last centuries will be steady as long as pressures of the human industrial lifestyle on nature continue,
and we can extrapolate the known Anthropocene extinctions from the past into the future. Under this scenario the sixth
mass extinction, with a considerable proportion of existing biota disappearing in the next few hundred years, is inevitable
(Ceballos et al. 2015). Alternatively, current extinctions may primarily follow from the human appropriation of energy
fluxes through ecosystems (Miko and Storch 2015), habitat transformation (a major cause of extinctions) just representing
an aspect of this appropriation of ecosystem production. Under this scenario, the extreme pace of extinctions observed
since the onset of the Industrial Revolution reflects transient dynamics between pre-Anthropocene and Anthropocene
equilibria. The high rates of extinction may thus slow down in the future as the biosphere reaches a new (lower) equilib-
rium, assuming habitat loss is curtailed. The proportion of these two effects may be scale- and system-specific, but their
consideration is of paramount importance for predicting futures of different communities, ecosystems, biomes and the
biosphere as a whole.

appropriation of net primary productivity (HANPP) near-
ing 25% (Haberl et al. 2007). This necessarily decreases
diversity equilibrium (Fig. 1b) both globally and regionally
(Haberl et al. 2004, 2005, Miko and Storch 2015). These
negative effects can hardly be globally mitigated without
substantial decreases in human population size and/or con-
sumption. However, it can be restrained locally and even

regionally by setting areas free from resource exploitation
(creating nature reserves) or compensated by modulating the
other processes responsible for equilibrium diversity levels,
e.g. by lowering extinction rates through proper manage-
ment. Note that when an environmental change shifts the
equilibrium below the original level and insufficient time has
elapsed for diversity to decrease to its new equilibrium, we



speak about extinction debt (Hanski and Ovaskainen 2002,
Kuussaari et al. 2009) — a concept that only makes sense
within a diversity equilibrium framework.

Besides the shifts of biodiversity equilibria due to chang-
ing resource levels, equilibrium diversity may also shift due to
human effects on long-term origination or extinction rates.
For instance, hunting or increased environmental variation
due to changing disturbance regimes can increase extinction
rates (Pimm et al. 2006, Wan et al. 2019), lowering equilib-
rium diversity levels (Fig. 1c). Long-term changes in specia-
tion rates are also possible, e.g. due to increased temperatures
(Allen et al. 2006) or changes to gene flow, genetic drift
and selection forces resulting from the emergence of barri-
ers, altered dispersal, biotic homogenization and hybridiza-
tion events, and shrinking species geographic ranges. These
changes are hard to predict — although it has been argued that
in the long run reductions in habitat area will cause substantial
reductions in the Earth’s overall speciation rate (Rosenzweig
2001), some of the mentioned changes may actually increase
speciation rates (Thomas 2015, Bull and Maron 2016).

Shifting diversity equilibria via increased spreading
of non-native species

With respect to the processes happening in the Anthropocene
at local-to-regional spatial scales and decadal timescales,
much more relevant than speciation are changes in colo-
nization rates. Although some species have experienced
declining migration rates due to habitat fragmentation and
consequent selection against dispersal (Tucker et al. 2018,
Berti and Svenning 2020), the spreading of non-native
organisms is higher than any time before and still acceler-
ating (Seebens et al. 2017). Unprecedented increases in
colonization rates thus represent a prominent feature of the
Anthropocene biosphere. Although it is tempting to interpret
this as evidence against the existence of biodiversity limits
or equilibria, a more appropriate interpretation is that ele-
vated colonization rates actually pushed up local and regional
diversity equilibrium way above current species richness.

Let us develop this idea more formally (Fig. 3). While
local diversity equilibria are set by the balance of extinction
and colonization (red and blue lines in the left part of Fig. 3),
at regional or global scales colonization plays a negligible role
and extinction and speciation (red and green lines) set the
balance of equilibrium. A diversity-dependence of the total
community-level rate of each process arises in several ways. It
occurs ‘passively’ if a per-species rate is independent of popu-
lation size, in which case the total extinction or speciation
rate would increase linearly with the number of species. A
‘passive’ diversity-dependence is also expected for total col-
onization rate, since all-else-being equal, total colonization
rate decreases with local species richness due to the depletion
of potential colonizers from the species pool (MacArthur and
Wilson 1967). According to the ETBD, diversity-depen-
dence can additionally result from a dependency of a per-spe-
cies rate on population size (Storch et al. 2018), as is almost
certainly the case for extinction (Ovaskainen and Meerson

2010). For simplicity, and without compromising generality,
we can express these dependencies as power-laws, i.e. straight
lines in log-log space. Per-species speciation rate » may be
invariant or positively related to population size NV (green
lines), so that » -~ N7, where g > 0. Since mean abundance
N =] /8§, assuming constant / (corresponding to a stable
amount of resources), v -~ §77 (Fig. 1). Total speciation rate
v, =Sv, so that v, - §'577=58""9, meaning that it decreases
with species richness if g > 1 and increases with species rich-
ness with a slope less than 1 if 0 < ¢ < 1. Either way, the slope
of the total speciation line is shallower than the extinction
line (a condition necessary for the existence of a global stable
diversity equilibrium), since per-species extinction rate, x,
almost certainly decreases with population size, x ~ N* where
z< 0. Consequently x, ~ $'% which means that the slope of
the total extinction line is higher than one.

Now consider pre-Anthropocene local equilibrium species
richness (Fig. 3a), which is given by the balance of extinc-
tion and colonization. Colonization rate is determined by
the effective size of the species pool, which represents a frac-
tion (depicted by blue arrow) of global equilibrium richness.
During the Anthropocene (Fig. 3b), the increased movement
of organisms across the planet has increased the fraction of
global biodiversity available to colonize local communities
(shorter blue arrow), increasing the effective species pool size
and consequently colonization rate and local equilibrium
richness. New combinations of species in local communities
may, at least temporally, increase speciation rates (e.g. due
to hybridization or novel adaptations), thus elevating global
diversity (Thomas 2017) (Fig. 3¢). This may further elevate
local equilibrium diversity due to further enriching species
pools (Fig. 3d).

The problem is that this elevated local diversity equilib-
rium driven by elevated colonization rates is necessarily only
temporary, since the pool of non-native species is limited and
so progressively depleted as non-natives become increasingly
widespread. When human-driven colonization and/or spe-
ciation drop, high local extinction rates resulting from the
elevated local diversity prevail over the lowered origination
rate. Consequent waves of local extinctions are thus expected
until communities reach the lowered equilibrium. These local
extinctions can translate to global extinctions when they
affect species confined to restricted areas. If previous spread-
ing of non-native species decreased beta-diversity by increas-
ing biotic homogenization, then the decrease of local (alpha)
diversity back to equilibrium levels necessarily decreases also
regional or global (gamma) diversity.

In these scenarios, we did not account for the almost
inevitable decrease of the total amount of resources in the
Anthropocene (Fig. 1b) nor possible long-term decreases
in speciation rates due to habitat loss (Rosenzweig 2001),
both of which would lower the equilibria in the long term.
Additionally, human civilization pressures are not confined to
solely affecting biodiversity equilibria; some changes may just
shove biodiversity out of equilibrium. The wave of biological
invasions may be interpreted equally well this way, i.e. as a
singular event pushing local diversity high above equilibrial
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Figure 3. Effects of spreading of non-native species on local (left) and global (right) diversity equilibria (see the text for explanations). Here
we assume that the diversity-dependent rates of speciation, colonization and extinction can be expressed as power-laws (lines in log-log
space) and that the slopes of these lines (reflecting the strength of diversity dependency) are fixed, but that humans can affect their overall
levels (intercepts). Note that in contrast to Fig. 1 where per-species rates are depicted, the lines here refer to total rates across all species. (a)
Pre-Anthropocene situation, in which local equilibrium species richness is given by the balance of extinction (red) and colonization (blue),
and colonization rate is determined by the effective size of the species pool, which represents a fraction (depicted by blue arrow) of global
equilibrium richness, which is itself a result of extinction and speciation (green). (b) During the Anthropocene, increased movement of
organisms across the planet have increased the fraction of global biodiversity available for local communities (shorter blue arrow), which
increases colonization rate and thus local equilibrium richness. (c) Higher local species richness leads to new species combinations, increas-
ing speciation rates (e.g. due to hybridization, or novel adaptations) and thus elevating global diversity. (d) This further elevates local equi-
librium diversity due to further enriching species pools. These effects, however, may be only temporary, due to the gradual depletion of the
pool of non-native colonizers.

9




3@ p
O ’ Jmax
S 7
T l /‘, Jmax
c 5
S (4
0
©
>
=2
C
=]
€
£
o
(]
= |(b
> | (k) ,
c 1<—y Jmax
g
[
>
0
©
>
=
c
>
S
S
o)
o
species richness S
Jmax

community abundance J

species richness S

Figure 4. Humans may modify equilibrium diversity by several con-
ceptually distinct ways (red arrows). Dashed curves indicate
S-nullclines, bold solid lines are /-nullclines, filled circles are stable
equilibria, blue refers to the pre-Anthropocene condition and red to
the anthropogenic modifications. (a) Reduction of resource supply
by appropriation of primary productivity or habitat degradation
leads to lowering maximum community abundance /,_(which is
given by total potential energy flow through the community £
divided by mean metabolic rate B; J,,.x = E/B ). Due to non-linear
J-nullclines, this leads to non-linear effects on the shifts of diversity
equilibria. (b) Alternatively, humans may affect extinction or origi-
nation rates (Fig. 1c—d), increasing the mean population abundance

level, inducing extinction debt. The difference of interpre-
tation lies in the temporal scale and relative permanency of

given effects (Box 1).

Non-linear effects of HANPP on diversity equilibria
due to complex relationships between S and )

All the effects mentioned above are expected under a very
general theoretical framework which can be formalized using
simple assumptions on community-wide rates, as depicted
in Fig. 1 and 3. However, less-obvious, but important pre-
dictions follow when we take a more elaborated ETBD that
explicitly deals with interspecific ecological differences and
interlinkages between resource availability, species richness,
actual resource utilization and total community abundance
(Storch et al. 2018). One of these predictions is a dispro-
portionate decrease in equilibrium species richness with
decreasing resource supply, such as due to HANPP (Fig. 4a).
The reason is that due to the positive relationship between
diversity and resource utilization, lowering species rich-
ness is expected to decrease the ability of a community to
utilize resources, which consequently lowers total commu-
nity abundance / (Cardinale et al. 2006, Dufly et al. 2017,
O’Connor et al. 2017) and augments per-species extinction
rates. This then leads to substantially lower diversity equilib-
ria compared to the scenario in which richness has no effect
on resource utilization.

This effect can be estimated quantitatively. Consider that
according to ETBD the balance of extinction and speciation
sets large-scale equilibrium mean species abundance N in
which these processes are balanced (Fig. 1) and thus, in equi-
librium, § =/ /N . Maximum resource supply F (habitat
area multiplied by resource supply rate per unit area, measured
in units of energy per unit time) and the positive effects of
diversity on the utilization of resources both positively influ-
ence / (see the /-nullclines in Fig. 2), such that /=g(S)E/B,
where B is average individual metabolic rate and g(S) is the
function quantifying the average effect of § on the proportion
of E consumed by the community. g(S) £ is thus the total con-
sumption of resources. Generally, g(S) is empirically and the-
oretically equivalent to the function quantifying the effects of
species richness on biomass production and standing bjgmass
W (Cardinale et al. 2006), since W = JM = g(S)E— (M
being mean body mass) (Brown et al. 2004). The interddction

required to maintain equilibrium (increasing the S-nullcline slope).
(c) Also, humans may modify the way species utilize their resources,
modifying the /-nullcline (e.g. by extirpation of keystone species).
This can lead to an emergence of new, unstable equilibria (open
circle). Such effects may also reduce community resilience by nar-
rowing the distance between unstable and stable equilibria. Before
human impacts, communities typically hovered around their equi-
libria, while human impacts have simultaneously lowered both their
current diversity and their equilibrium points, such that communi-
ties are temporally above their new diversity equilibria (resulting in
extinction debt).

10

anss| [e1ads uoneio)say



(panunuod)

6002 '|e 10 Wweyeln

£00¢ ‘|e 19 10101

/10T '|e 19 sauleg

Q10T '|e 1e pjogmeN

6102 [e 19 Sunf

910¢ '|e
SOWRY-ZaUIIBWN

610¢ "[e 19 pjogles

00T "[e 12 usuDpIdH

00¢ [e 1o IS|nYIoA

0¢0¢C PIOgMeN
pue e3oA-eloIBD)

0C0¢ ‘'[e 1° p|jogMeN

€00¢

§00¢—100¢

(41014

¥10¢-000¢

G10C—¢861

€046l

£10¢=800¢

000¢

¢00¢

£10¢-000¢

§10¢-000¢

|euoi3ay

[euoiday

|euoi3ay

[®401D

[BqOID

[euoiday

|euoi3ay

[euoiday

|euoiday
(oy10ads
-awolq)

[BqOID

[eqOID

sy

spid

sjewiuy

sjewiuy

13uny

‘sjewitue ‘syue|d

soal]

spodoiyny

spaig

spaig

sjewiuy

sjewiuy

(puaxn [eneds) Aylsuadolalay

a)1s 1591213 2y Aq paziaioeleyd (Suluren

Arejyljiw eIA) 9dUBCUNISIP d)eIapow Japun 3saysiy
SI (@duepunge AuNWWOod JoU INg) $SaUYdIl $919adg

(pua.y jesodway) saroads isije1dads jo saniunwiod
pJiq aALidap uoneziueqin eiA sadueyd asn-pue’

(puauy [eneds) ssauyols sa1oads pue

ssewolq saonpai Ajgjeuontodoudsip (suonejued
0} UOISIDAUOD 15310§) d3ueyd asn-pue| [edidos]

(puas [erjeds ‘uonezijnn 92IN0SAI Ul ISLIIDDP

e 3uneoIpul PaAIdSQO UBY) JOMO] SI SSO| SSaUYDL

sa10ads paljalel) seduepUNGe pue SSauYdI
sa109ds Ajunwiwod asealdap sadueyd asn-pue

(puaJy [eneds

{UOIeZI[13N 9DINOSAI Ul 9SEIDIP B SaYedIpUl

$SQUUDLI UBY) S9OUBPUNGE Ul 9SBAIDP JI9MO|

©) seouepunge pue ssauyodll sa1oads Ajunwiwod
95e2.109p UoNE}aZaA Ul sadueyd pue| idnige ised

(puady |eJodway

‘A)[1qe|reAe JySi| paonpal BIA) $991) JO ddUEpUNQR

pue ssauyol sa10ads ul 9seasdap € ul Junnsal

(wjed Aloysiopun) sa1dads auo jo aoueuiwOp
© 9sealoul uonejuawdely Jeliqey pue uoneuned(

(puady jelodway) spue|sses3 pue

515910} Ul $210ads JO Jaquunu Yy} pue saduepunge
‘SSBLLOI( S9SBIDDP ISN-puUe| [eINNdLIZY

(puaay jeneds) sired puiq
JO JaquINu [B)0) Y} SASLIDIP ISN-puUe| [BIN}NDLISY

(puady |eneds) sadeospue|

pasn AjaAlsuajul Ajutew ueyy AJISI9AIP/SSaUYDLI

sa10ads pue Ajisuap paiq Jaydiy aAey spue|sse.d
pauopueqge pue spIeAdulA pasn A[AISUIX]

(puas) [eneds) sawolq ueaueLI)IPIN

ul sadUBPUNQE PUB SSAUYDLL ‘ALISIDAIP
Aunwiwod sa1oads aseasdap sadueyd asn-pue

(puady jeneds) sdnoid jeuonouny

JUSJSJ4IP Ul UdAdUN SI 3seaIdap ay) ‘Ajddns
92In0sal sa10ads asealdap sagueyd asn-pueT

sedueqINISI

a8ueyd asn-pueT

adueyo asn-pue]

a8ueyd asn-pueT

a8ueyd asn-pueT

a8ueyd asn-pueT

adueyd asn-pue

a8ueyd asn-pueT

Ajisuayul asn-pue]

98ueyd asn-pueT

a8ueyd asn-pueT

UOIJBZI|1IN 92INOSIY
uoneZI|IN 92IN0SY
UOIIeZI[1IN 92INOSAY

/Alddns a21nosay

UOIIBZI[1}N 92IN0SDY
/A|ddns @2.unosay

UOoIJeZI|1}N 82IN0SAY

/A|ddns @2.1nosay

Ajddns aounosay

Ajddns aoinosay

Ajddns aounosay

Ajddns aoinosay

Ajddns 22inosay

Ajddns aounosay

90Ualajoy

jesodwa

oeos |eneds

uoxe|

uondinsa(g

yedwi vewny

1oyowered g3

anss| [e1dads uonei0)say

‘paulwexa a1om spual) [eneds o [eiodwa)
Jaylaym Ajoads Ajreuonippe am ,uonduosa, ayl uj “Apnis ay) jo ajeds [ejodwa) ay) sjuasaidas jeiodws), pue dnoid jeuonouny 1981e] ay) saGLIDSAP ,UOXE], ‘ApNIS Yoea Aq passasse
douanjur uewny ayewixoid doy10ads ayy sazuejoeleyd Joedwl UewnH, "UONReZIPIIGAY BIA sa10ads mau jo aouadiawa oy ut 3unnsal sadads aaneu-uou jo Sutpealds Aq pasned uon
-e|0SI 9A1ONPoIdal Jo 9seadap auj) y3noiy) ‘A[9s19Au0d ‘10 uonejuswdel) Jejigey eia uone|ost aanonpoidal Aq "8'a ‘pajoaye aq Aew uonenads (g) 'sjood sardads |euoidai ayy ul ajqe
-[leAe aJe sa10ads alow Jey) 0s ‘9qo|3 Y} $S0I0e JUBWAAOW $2199ds Ul 9seaIdUl padnpul-uewny pajuapadaldun Juadas eIA paljipow aq Aew uoneziuojo) () "uoneldepe saioads 1oy
Ayoeded ayy uronpal pue suoijejndod Suowe moyy auad ayy Sundnusip uoneyuswdely 1eigey y3nodyy 8- ‘syul| [eIALY SS9 BIA 0S| Ing ‘Sulysy ‘ununy se yons uoneyo|dxa aj|p|im
Aq S|oAd] UoNDUIXD sa10ads UO suewNY JO 10949 10241p Y SasLdWOd uondUNXF (€) 'S92IN0SAI J|CE[IBAR JO JUNOWE Y} JO dSBIDDP dY) 0) puodsallod pjnom ueyy 198uo.ls sny) aq
pInod 1090 3un|nsal ay] “Ajiqe aannadwod sardads se [jam se ‘sdnoid [euonouny lo/pue sjaas| d1ydody ulelad 19aye Ajjeuoniodoidsip uayo saNIAIDE UBWNE "dduBpUNge AjUnW
-Wwod s109j4e 11 Jey) os ‘Allouadolalay yeliqey pue syres) saloads yum paul] ‘Anunwiwod uaAld AQ UONBZI[IN 92IN0SAI JO SSAUDAINIBYD DY) $asIIdWod uonezynn 321n0say () st uon
-ounxa Jaysiy pue suonejndod ajqeia Jo Jaquinu J1amoj 0) Suipea| aduepunge AJlunwwod sadnpas Apuanbasuod (uoneisaioep Jo Suizeld 4santey "8'9 IA) S|9AD] 92IN0SAI Ul 9S8IDIP
paonpul-UBWINH "S92IN0Sal d[qe[leAR JO Junowe [e10) ay) si Ajddns aoinosas (1) :1oedwil uewny Aq pajdaye aq ued siajewesed aAl{ 'sa1IANOE UBWNY 0) anp paSueyd uaaq aAey
ey} (Jarowered qg13,) sseoold wnugqrinba ay) jo sieroweled ay) 0) Suipiodde paljisse|d ssauydll sa1dads winiiqiinba uo 1oedwi uewny jo aouapird paysijgnd jo sajdwexd * | ajqel

11



Restoration Special Issue

(puan [eneds) uopuo ul

suaidid xajn7 ur uans uonerdads ajqissod e pue

6661 S|OY2IN suolejndod jounsip Ajjeonausd jo aduadiows ay)
pue auiAg Juasald |e207] 109sU|  pasned (SIdLLe( BIA) uoieIUaWSel) PadNpUl-UBWN}H uonejuawsel] uoneroads

(puady jeneds)

(sneynioed sndaidojesapy) [aas| sa1oads ay) e

suone|ndod juadianlp Ajfeonauagd jo aduadiowa

¥10¢ "|e 10 1puId 2107-600¢ |euoiSay 109su| oy} pasned uonejuawSely 12104 padnpul-uewnp uonejuawdely uonedadg
(puan
|eneds) (sisuadeioga 0129uas) sa10ads d[1349)-§|9S
007 Woqqy 9y} pawioy sa1dads aAneu pue padnposul
pue oMo S661-€661 |euoi3ay sjue|d 9y} U9IMID( UONBZIPLIGAY paonpul-UewN} uonezipugAH uonerdadg

(ma1Aa1 ‘puayy esodway)
(@2>npouidas 0} Alljige pue Juswysi|ge)sa)
siaLeq 01103Az-3s0d Jou Inq ‘(Uoiye|osi

910¢ P02SIH *3-9) suaLueq 21103Az-a1d seonpai (saoads
pue uuey-ola|ep U9sal( |euoi3ay sjue|d DAISBAUL BIA) UONBZIPLIGAY paonpul-uewnp uoneziplgAH uonerdadg
(puady jesodway) winLqgiInba ssauyol
107 "[e1@ snwpH  juasaid—05g | spuejs| sp.ezi| ajouy s9109ds SaseaIDUl UONBZIUOJOD PAdNpPUI-UBWN}H sa10ads aAIseAu| uonezIuojo)
(puady jesodway) adeoaspue| paginisip-uewny e ul
€107 PUd||PA ssauyoLI sa10ads |ej0) pue [eD0| sasealoul sa1oads
pue aunDOW 6002 ‘0961 |euoi3ay sjue|d DAIBU PUB D1JOXd JO UOISBAUI PRONPUI-UBWNH sa10ads anlseAu] UOIeZIU0|0D)
(puady jesodway)
G007 uappaog uoneziua3owoy pue ssauydll sa19ads sasealdul
pue ay0S €] €007-8961 |e)usunuUOD) spdig $9129ds UOWWOD JO UOISeAUl PIONPUI-UBWNH sa10ads aAIseAU| UoIeZIUu0|0D)

(puady jesodway)
uoneziua3owoy pue ssauydll sa19ads sasealdul

120T "|e@ NS sieak 007 Ise] [eqo|n ysiy Joyemysalq sa10ads aAIjEU-UOU JO UOIIRZIUO|0D Padnpul-uewnp so10ads aAIseAu| uonezIuo0j0D)
(puauy resodwa)) wnuqijinba ue sa10ads aAIseAul
wolj Aeme Ayisianlp 11oyy paysnd syeq ueaqqried) ‘uoneyojdxa
q/10¢ "|e 1@ audpep  juasard—AW G |euoiSay sjeg ul 9)el UONDUIIXd Ul 95eaJoul padnpul-uewnpy ‘sso| yeyqeH uonounxgj
(puauy [eneds) eOLY 1SOAA Ul S|ewiwew a31e|
100T '|e 19 saleyseiq 6661-5661 |euoiSay Sjewiwely Ul 9)es uonounxa sasealour Sununy eia uoneyio|dxy uoneyo|dxy uonounxgj
(sisAjeue-ejaw ‘puayy [eneds) ysi UONOUNXS
sondau ‘spaiq Sasealdoul pue saduepunge sa1ads sasealdap
1 70T "|e 19 UOLOW Juasald [eqo|n ‘slewuwely apes) dj1|p|Im dy) Joj Sununy eia uoieyiojdxy uoneyojdxy uonounxgj
(puaxn [eneds) sa1oads isije1dads jo Jaquinu
¥661 1ing 3uiseanap ay) y3nouyy AJISI9AIp pue ssauydLl
pue eseyeiry| 0861 [euoiSay soljanng so10ads 95eaI09p SPOUBQUNISIP PIONPUI-UBINE seoueqUNISI UONEZI|IIN 32INOSY
ERIETETEN| jesodway oeos [enedg uoxe| uondinsa(g yedwi uewny 1opewesed (g13

panunuo) | a|qeL

12



Restoration Special Issue

of the functions / = SN, and /= 2(S)E/B then determines
equilibrium § and / (Fig. 4).

Now consider the baseline assumption that g(S) ~ &, with
b < 1. This is supported by extensive meta-analyses of experi-
ments and observational studies that suggest a power func-
tion works well to quantify diversity effects over 1-2 orders of
magnitude variation in § (Cardinale et al. 2006, Liang et al.
2016, Dufly etal. 2017, O’Connor et al. 2017) and is consis-
tent with ecological theory (Liang et al. 2015). We are aware
that experimental studies are typically undertaken at very
local scales so that the relevance for large-scale predictions
is problematic, but there are arguments that these functional
relationships can be reliably up-scaled (Thompson et al.
2018, 2021, Gonzalez et al. 2020, Qiu and Cardinale 2020,
Barry et al. 2021). Solving for S as a function of E, we
obtain § ~ E"079, which suggests that equilibrium § scales
supralinearly (disproportionately) with £ with an exponent
determined by the biodiversity—resource utilization rela-
tionship. Defining HANPP as the proportion of total net
primary production (NPP) removed by humans, and assum-
ing NPP=F for consumers, HANPP is expected to reduce
equilibrium species richness of consumers by the fraction
(1 — HANPP) /0=,

Although there may certainly be idiosyncratic variation in
b, b = 1/4 characterizes the mean relationship for communi-
ties in both experiments and observational studies across a
variety of environments and trophic groups (Cardinale et al.
2006, O’Connor et al. 2017) and has been found inde-
pendent of a study’s maximum § (O’Connor et al. 2017).
Therefore, a reasonable baseline assumption is that 6 ~ 1/4
applies to regional and global scales. An estimated global
HANPP of 12% in 1905, 25% in 2005 and 27-44% in 2050
depending on land use scenarios (Krausmann et al. 2013) is
thus expected to reduce, on average, the regional and global
consumer species richness carrying capacity (i.e. diversity
equilibrium) compared to pre-Anthropocene levels by 17%
in 1905, 32% in 2005 and 34-54% in 2050. Since HANPP
varies widely across biomes and regions (Newbold et al.
2015, Zhou et al. 2018), e.g. reaching levels of up to 63% in
Southern Asia (Haberl et al. 2007), these effects are expected
to be substantially augmented in certain regions and biomes.
So far, animal regional and global diversity has not seemed
to decrease as much (Dirzo et al. 2014, McGill 2015), which
may indicate that biota is currently above their long-term
species richness equilibrium, and more extinctions are antici-
pated under the status quo without interventions affecting
extinction, origination and the biodiversity—resource utiliza-
tion relationship.

The existence of multiple diversity equilibria

Ultimately, non-linear effects of diversity on resource utiliza-
tion and ecosystem functioning may even lead to multiple
equilibria (Fig. 5), just as non-linearities in metapopulation,
community and ecosystem dynamics can lead to multiple
equilibria and various threshold effects (Hanski et al. 1995,
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Carpenter 2001, Scheffer et al. 2001, Goyal et al. 2018,
Burger et al. 2019). Human effects on resource availability
and rates of extinction, speciation and colonization can then
influence not only equilibrium levels of species richness, but
also the number of equilibria and resilience to perturbations,
as measured by the width of basins of attraction of equilibria
(the distance between a stable equilibrium and its neighbor-
ing unstable equilibria) (Scheffer et al. 2012). Decreases in
extinction and increases in origination rates can remove lower
stable equilibria and enlarge the basin of attraction for the
upper equilibrium (Fig. 5b), while increases in extinction and
decreases in origination rates can decrease the upper stable
equilibrium richness, shrink its basin of attraction and even
remove upper stable equilibria, drastically altering the carry-
ing capacity of species richness (Fig. 5¢).

Another level of complexity may emerge from the varying
and disproportionate effects of individual species. Dominant
species may monopolize resources so that only a tiny fraction
of resources remain for other species (Cortés-Avizanda et al.
2012, Law and Parr 2020), elevating extinction rates (which
positively affect the slope of dashed lines in Fig. 4 and 5),
thereby decreasing equilibrium species richness. Conversely,
keystone species may reduce extinction rates by suppress-
ing dominant species and ensuring more equal utilization of
resources (e.g. large herbivores suppress dominant plants and
create patchy mosaics of diverse resources; Bond 1994). The
presence of some keystone species and ecosystem engineers
may also ensure enhanced utilization of resources, increasing
Jand thereby elevating equilibrium species richness (Fig. 5a).
Examples include the top—down effects of predators on pri-
mary producers via regulation of key consumers (Ripple et al.
2016), such as sea otters reducing populations of sea urchins
and thus ensuring maintenance of kelp forests as a primary
habitat for many organisms (Rasher et al. 2020), or eco-
system engineers increasing resource availability for other
species by direct physical modification of the environment
(Hastings et al. 2007), such as equids providing water in dry-
lands species by digging wells (Lundgren et al. 2021). As key-
stone species are often predators, the rampant human-caused
trophic downgrading of Earth’s biota (Estes et al. 2011) may
have considerable influence on species richness carrying
capacity via effects on extinction rates and community abun-
dance. The effects of keystone species on extinction and local
coexistence are well-treated in the classical community ecol-
ogy theory (Tokeshi 1999, Chesson 2000), but here we stress
that they can be usefully interpreted within our framework to
provide additional insight on diversity regulation from local
to global scales.

Predators both control and depend on populations of
their prey, leading to a trophic interdependence that adds
an important level of complexity to the framework of equi-
librium diversity dynamics. Resources are not anymore
independent of the dynamics themselves, species become
resources for other trophic levels and the effects of preda-
tors can propagate through the trophic chains via predation
cascades (Ripple et al. 2016). Formalizing and modeling
these relationships may thus be quite complicated and an
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Figure 5. Schematic of the equilibrium theory of biodiversity
dynamics applied to a hypothetical ecosystem or biome showing
how human effects on extinction, origination and diversity’s role in
ecosystem functioning can create tipping points and affect the num-
ber and position of equilibria. Here we assume the /~nullcline (bold
blue curves) is complex and reflects aggregate effect of species rich-
ness on the ability to utilize ecosystem resources and convert those
resources into community abundance /. Dashed lines are S-nullclines
determined by population size-dependencies of extinction and orig-
ination rates. (a) The hypothetical ecosystem/biome has two stable
equilibria due to keystone species or trophic levels enhancing
resource use or ecosystem functioning; declines in keystone species
and trophic levels remove the second accelerating phase and thus
the higher richness equilibrium. (b) Higher origination rates or
reduced extinction rates (red dashed line) remove the intermediate
stable richness equilibrium and increase the richness of the other
stable equilibrium. (c) Lower origination rates or higher extinction
rates (red dashed line) remove the higher stable richness equilibrium
and reduce the richness of the intermediate richness stable equilib-
rium, as well as its basin of attraction (distance to the nearest unsta-
ble equilibrium), and thus the resilience of the system.

appropriate approach could comprise complex food web
models (Brose and Dunne 2009, Melian et al. 2009). Still,
complex multitrophic dynamics do not exclude the existence
of stable diversity equilibria, as there are fundamental limits
to the flow of energy and materials through an ecosystem, the
metabolic rates of organisms and minimum viable popula-
tion sizes. Indeed, surprisingly stable and predictable ratios
of biomass of prey versus predators (combined across all spe-
cies within each trophic level), as well as scaling patterns of
biomass and biomass production (Hatton et al. 2015), sug-
gest the existence of fundamental interlinkages between the
diversity equilibria of different trophic levels.

These considerations help illustrate and clarify the pro-
found implications of keystone species and ecosystem
engineers for the management of protected areas, ecologi-
cal restoration and rewilding (Svenning et al. 2016). They
highlight that attempts at preservation and restoration are
sustainable only if they are aimed towards the long-term
maintenance of stable biodiversity equilibria; otherwise their
effect is only temporary and ecosystem management becomes
an especially wicked problem.

Ecological restoration and the balance
of nature

The current paradigm for biodiversity preservation has
shifted from the protection of the last remnants of relatively
untouched pieces of nature to the active (re)creation of func-
tioning ecosystems (Perino et al. 2019). It makes perfect
sense in the light of equilibrium biodiversity dynamics — the
last remaining habitats may harbor disequilibrium commu-
nities due to insufficient colonization rates, just as many of
their metapopulations are in disequilibrium (Zartman and
Shaw 20006) and predetermined to eventually disappear. If
this is the case, nature preservation sensu stricto is not a viable
option in the Anthropocene. However, active re-creation of
functioning and sustainable ecosystems is challenging, as it
must be based on a sound knowledge of the processes that
maintain biodiversity equilibrium under the conditions rel-
evant to the system. Such knowledge is typically based on the
processes that maintained a given ecosystem type in the past
(Svenning 2002, Malhi et al. 2016). The issue is that the pro-
cesses that participated in maintaining past stable diversity
equilibrium may have been lost and the system may have been
in disequilibrium for a long time. A classic example is the loss
of megafauna at the end of the Pleistocene, which had main-
tained species-rich open shrub-steppe or temperate savan-
nas (Johnson 2009). The role of this megafauna had been
partially substituted by fine-grained traditional agriculture,
which prevented overgrowth by a homogeneous forest during
the Neolithic and later on (Bocherens 2018). However, this
positive human effect disappeared with the advent of indus-
trial large-scale agriculture and the allowance of shrub and
forest regrowth (Buitenwerf et al. 2018, Dobrovodskd et al.
2019). Maintenance of species-rich forestless mid-latitude
northern habitats thus requires simulation of the processes
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that maintained it during the last millennia, either via per-
manent human intervention or reintroduction of large herbi-
vores (rewilding).

This example, so typical for the European countryside,
illustrates an important point. Although the concept of bio-
diversity equilibria may seem at first glance quite similar to
the concept of ecosystem climax, it is substantially different.
Climax is a final stage of ecological succession, a single out-
come of various successional pathways, i.e. an attractor of the
ecosystem dynamics. The concept of climax assumes that for
a given climate only one such ecosystem stable state exists;
however, our theoretical framework shows that an ecosystem
may have multiple equilibria with different biodiversity lev-
els, depending on the exact balance of the processes of species
origination and extinction modulated by resource availability
and the effect of species composition (including the keystone
species) on resource utilization. Within this framework, we
can interpret two potential states of the dominant European
landscape as two alternative equilibria. One such equilib-
rium is (in prevailing European conditions) a closed forest
(the climax), the other equilibrium involves a fine-grained
mosaic of trees, grasses and shrubs, which are more species-
rich due to the keystone species which change competitive
hierarchies and the distribution of individual sizes, as well as
population abundances, by preventing dominance by a few
functional groups and species of plants, and thus depressing
extinction rates.

Life in the Anthropocene means, among many other
things, that people make decisions as to which equilibrium
states are maintained. Closed forest is not by any means
more or less natural than savanna-like open mosaics. It is a
free decision whether we prefer closed forest or open habi-
tat mosaics. People cannot at all, even in the Anthropocene,
completely determine the natural world — it is not possible to
maintain any possible state of an ecosystem, as most of these
states do not represent stable equilibria. However, people
can make decisions between alternative stable states. These
decisions may be based on various criteria. One possibility
is to keep the stable state which maintains maximum species
richness, but there may be other considerations, including
human needs or the necessity to protect endangered species
or a specific ecological phenomenon. Ecological restora-
tion requires deciding which of the alternative stable states
to maintain and then management of the conditions neces-
sary for the maintenance of the processes that determine the
desired equilibrium state.

Concluding remarks

Recent findings indicate that biodiversity dynamics has its
attractors, i.e. stable equilibria, even though it does not mean
that nature is exactly in equilibrium — it can oscillate around it
or even remain out of equilibrium for a long time if the equi-
librium itself is moving. This view does not preclude the exis-
tence of multiple equilibria, i.e. alternative stable states, which
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may be, according to the ETBD, driven by non-linear effects
of diversity on resource utilization and consequently commu-
nity size and ecosystem functioning. In the Anthropocene, a
period in which human activities transform countless features
of the Earth system, it is natural to expect that human activi-
ties can also modify equilibrium diversity levels by changing
resource levels, the diversity—ecosystem function relationship
and rates of species migration, speciation and extinction.
Viable ecological restoration must be based on a prior decision
regarding which equilibrium to maintain, and the manage-
ment of conditions necessary for the maintenance of the pro-
cesses determining that equilibrium. Both these steps require
a well-grounded understanding of the system, specifically the
positioning and characteristics of different equilibria. Often
these features cannot be easily predicted solely from general
theory, requiring local studies and management experiments
to develop system-specific models of biodiversity dynamics.
Even when management is optimized, shifts in biodiversity
equilibria are expected, e.g. due to changing climate.

Some biodiversity changes are inevitable, but there are
some general principles that can be used to maintain relatively
high equilibrium biodiversity levels. Given the predicted non-
linear effects of resource supply on diversity equilibria, res-
toration actions should highly value nurturing the resource
fluxes necessary for the maintenance of stable total commu-
nity abundance and biomass production (e.g. water levels in
wetlands or deadwood in forests). Emphasis should also be
placed on ensuring the presence of trophic interactions that
control dominant competitors, in order to encourage efficient
resource partitioning (namely key predators and/or large her-
bivores), as well as the presence of ecosystem engineers which
facilitate resource utilization and thus ensure the mainte-
nance of sufficiently high community biomass and diversity.
Searching for and refining these principles is a crucial direction
for future research in biodiversity and conservation science.
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